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Abstract 

Per- and polyfluoroalkyl substances (PFAS) are ubiquitous in aquatic environments and a 

recent shift toward emerging PFAS is calling for new data on their occurrence and fate. In 

particular, understanding the determinants of their bioaccumulation is fundamental for risk 

assessment purposes. However, very few studies have addressed the combined influence of 

potential ecological drivers of PFAS bioaccumulation in fish such as age, sex or trophic 

ecology. Thus, this work aimed to fill these knowledge gaps by performing a field study in the 

Seine River basin (France). Composite sediment and fish (European chub, Squalius Cephalus) 

samples were collected from four sites along a longitudinal transect to investigate the 

occurrence of 36 PFAS. Sediment molecular patterns were dominated by fluorotelomer 

sulfonamidoalkyl betaines (i.e. 6:2 and 8:2 FTAB, 46% of ∑PFAS on average), highlighting 

the non-negligible contribution of PFAS of emerging concern. C9–C14 perfluoroalkyl 

carboxylic acids, perfluorooctane sulfonic acid (PFOS), perfluorooctane sulfonamide (FOSA) 

and 10:2 fluorotelomer sulfonate (10:2 FTSA) were detected in all fish samples. Conversely, 

8:2 FTAB was detected in a few fish from the furthest downstream station only, suggesting 

the low bioaccessibility or the biotransformation of FTABs. ∑PFAS in fish was in the range 

0.22–3.8 ng g
-1

 wet weight (ww) and 11–140 ng g
-1

 ww for muscle and liver, respectively. 

Fish collected upstream of Paris were significantly less contaminated than those collected 

downstream, pointing to urban and industrial inputs. The influence of trophic ecology and 

biometry on the interindividual variability of PFAS burden in fish was examined through 

analyses of covariance (ANCOVAs), with sampling site considered as a categorical variable. 

While the latter was highly significant, diet was also influential; carbon sources and trophic 

level (i.e. estimated using C and N stable isotope ratios, respectively) equally explained the 

variability of PFAS levels in fish.  
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Highlights 

  Emerging PFAS (e.g. zwitterionic compounds) largely contributed to the molecular 

pattern observed in sediments  

 PFAS levels along the river transect were influenced by urban/industrial inputs 

 Along with legacy PFAS, the fluorotelomer sulfonate 10:2 FTSA was ubiquitous in 

chub 

 PFAS bioaccumulation was controlled by site contamination and fish diet  
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1. Introduction 

Per- and polyfluoroalkyl substances (PFAS) are a group of persistent molecules that have 

been extensively monitored in the environment and human populations for over 20 years 

(Giesy and Kannan, 2001; Hansen et al., 2001). Perfluoroalkyl carboxylates (PFCAs) and 

perfluoroalkyl sulfonates (PFSAs) have been reported to be widely distributed in aquatic 

ecosystems, including biota (Ahrens, 2011). Perfluorooctane sulfonate (PFOS) and its salts, as 

well as perfluorooctane carboxylate (PFOA), have been listed under Annexes B and A of the 

Stockholm Convention, respectively. This pushed towards the production of replacements of 

long-chain PFAS like perfluoroether sulfonic acid (PFESAs) and carboxylic acid (PFECAs) 

(Xiao, 2017). 

As a consequence, emerging PFAS were detected in surface water and sediments in recent 

years (De Silva et al., 2011; Pan et al., 2018; Joerss et al., 2019; Chen et al., 2020). These 

include PFESAs and PFECAs like F-53B, a chlorinated PFESA mainly used in the 

electroplating industry in China as PFOS alternative (Wang et al., 2013), HFPO-DA (trade 

name GenX), ADONA, used as replacement for PFOA as processing aid in fluoropolymer 

manufacturing (Munoz et al., 2019) or perfluoroethylcyclohexane sulfonate (PFECHS), found 

in hydraulic fluids but phased out since 2002 (De Silva et al., 2011). PFECHS presents a 

lower bioaccumulation factor (BAF) than PFOS in Carassius carassius (Wang et al., 2016) 

while the contrary is observed for 6:2 Cl-PFESA in zebrafish (Tu et al., 2019). The latter was 

reported in Greenland marine mammals (Gebbink et al., 2016), fish and marine organisms 

from China (Shi et al., 2015; Liu et al., 2017; Wang et al., 2021). HFPO-DA and ADONA 

have never been measured in aquatic biota and exhibit low bioaccumulation potential (Munoz 

et al., 2019). Other alternatives that may be transformed into perfluoroalkyl acids (PFAAs) 

are also of concern (Zabaleta et al., 2017), like fluorotelomer betaines (FTABs), used in 

aqueous film forming foam formulations (AFFFs) (Place and Field, 2012), and fluorotelomer 
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sulfonates (FTSAs), used as a PFOS replacement (Field and Seow, 2017). FTABs were 

previously detected in river sediments at selected locations in France (Munoz et al., 2016). 8:2 

FTAB was also found in sediment and fish from  a e   ganti  an   ha  i re River 

(Canada) after a railway accident, with a gradual concentration decrease within a few years 

(Munoz et al., 2017b). Furthermore, 8:2 FTSA and 10:2 FTSA were also detected in the 

 ha  i re  i er after this accident and the latter was also ubiquitous in biota from a small 

urban river in France (Simonnet-Laprade et al., 2019). Thus, the ever increasing number of 

identified and detected PFAS advocate for further studies, especially in urban rivers, based on 

extended lists of target compounds (Simonnet-Laprade et al., 2019).  

In addition, the controlling factors of PFAS bioaccumulation in fish are still not fully 

understood, although some drivers have been identified. PFAS bioaccumulation can be 

affected by their structural characteristics such as chain length (i.e. competition between short 

and long-chain PFAS) and functional group (Labadie and Chevreuil, 2011; Wen et al., 2017; 

Lee et al., 2020). In addition, the absorption, distribution, metabolism, and elimination of 

these chemicals is controlled by complex interaction with biomolecules such as proteins, 

transporters, and phospholipids (de Silva et al., 2021). However, other environmental factors 

might also be at play. At some locations, the burden of long-chain PFAS was correlated with 

fish length (i.e. proxy for age, Mann, 1976) (Lam et al., 2014; Babut et al., 2017), while no 

association was observed at other sites (Åkerblom et al., 2017; Langberg et al., 2019). At 

some Nordic locations, ∑PFAS was negatively correlated with δ
15

N (i.e. proxy for trophic 

position), suggesting the absence of biomagnification (Lescord et al., 2015; Åkerblom et al., 

2017), while trophic magnification factors > 1 were reported elsewhere (Loi et al., 2011; 

Simonnet-Laprade et al., 2019). Using δ
15

N and δ
13

C (i.e. proxy for carbon sources) as 

indicators of trophic ecology, diet was identified as a relevant factor to explain the 

interspecific bioaccumulation pattern of long-chain PFAS in fish from the Rhone River, e.g. 
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perfluorononanoic acid (PFNA), perfluoroundecanoic acid (PFUnDA), PFOS and 

perfluorooctane sulfonamide (FOSA) (Babut et al., 2017). Overall, studies combining a wide 

array of proxies to explain the interindividual (i.e. intraspecific) variability of PFAS 

contamination levels are relatively scarce. Understanding the relative influence of 

bioaccumulation determinants is, however, of primary importance for predicting PFAS 

burden and for risk assessment purposes (Lopes et al., 2011).The drivers of the intraspecific 

variability of PFAS burden have generally been studied independently; they are still poorly 

documented and clearly deserve deeper investigation. This is a major issue to get further 

insight into the dynamics of PFAS in trophic webs but also to implement biota monitoring 

strategies, e.g. in the context of the European Water Framework Directive (Fliedner et al., 

2018). 

In this context, the present study focused on the heavily urbanized Seine River basin and on 

an omnivorous cyprinid, the European Chub Squalius Cephalus, frequently used in 

biomonitoring studies as it is widely distributed in European freshwaters (Labadie and 

Chevreuil, 2011; (Nyeste et al., 2019). Previous studies have demonstrated the widespread 

occurrence of PFAS in this river (Labadie and Chevreuil, 2011; Munoz et al., 2018), resulting 

from diffuse and point sources (i.e. fluorochemical plant and waste water treatment plants). 

To investigate the potential contamination gradient induced by urban and industrial inputs 

into the Seine River, an extended list of legacy and infrequently reported emerging 

compounds was analyzed. We explored the PFAS spatial variability in sediment and fish 

along a longitudinal transect, i.e. upstream and downstream of the Greater Paris conurbation. 

Furthermore, tissue distribution was considered (i.e. dorsal muscle vs liver) and we aimed to 

investigate the potential ecological drivers of PFAS bioaccumulation and its intraspecific 

variability in a model fish species, through multivariate analysis (i.e. considering biometry 

and indicators of trophic ecology). 
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2. Material and Methods 

2.1. Chemicals.  

The full list of reagents and chemicals is provided in the Supporting information (SI). 

Certified native PFAS (i.e. not mass-labeled) (n = 36, chemical purity >98%) and isotope-

labeled internal standards (ISs) (n = 20) (isotopic purity >94%) were acquired from 

Wellington Laboratories (BCP Instruments, Irigny, France), except 8:2 FTAB that was 

synthesized by Innovorga (Reims, France) (> 98 %). Native PFAS included PFCAs (C5–C14), 

PFSAs (C4, C6–C8, C10), one polyfluoroalkyl carboxylate (5:3 FTCA, also termed FPePA), 

FTSAs (4:2 FTSA, 6:2 FTSA, 8:2 FTSA and 10:2 FTSA), FOSA and its N-alkylated 

derivative (N-MeFOSA), perfluorooctane sulfonamide acetic acids (FOSAA, N-MeFOSAA, 

N-EtFOSAA), FTABs (6:2 FTAB and 8:2 FTAB), fluorotelomer phosphate diesters (6:2 

diPAP and 8:2 diPAP), chlorinated PFESA (6:2 Cl-PFESA and 8:2 Cl-PFESA, i.e. major and 

minor components of F-53B, respectively) and fluoroalkyl ethers (HFPO-DA and ADONA). 

L-PFOS herein refers to the linear isomer of PFOS and Br-PFOS to the sum of branched 

isomers. Analyte name, acronym and corresponding internal standard (IS) are provided in 

Table S1. 

 

2.2. Study site 

The Seine River flows through the Greater Paris with a relatively low mean daily discharge of 

312 m
3
.s

-1 
over the 1974–2021 period. This flow is lower in summer, i.e. 150 m

3
.s

-1 
on 

average over the last 20 years, especially in 2019 (< 100 m
3
.s

-1
) (BanqueHydro). The Seine 

River basin is under a strong urban influence, hosting a population of approximately 16 

million inhabitants. 
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Based on the hypothesis of a longitudinal contamination gradient in the Seine River basin due 

to urban inputs, the sampling strategy relied on the fish monitoring scheme implemented for 

over two decades on the Seine and Marne rivers by the SIAAP MeSeine network (Azimi and 

Rocher, 2016). Four sampling sites were investigated (Figure S1). Gournay-sur-Marne 

(48.51° N, 2.34° E), located on the Marne River 25 km upstream from its confluence with the 

Seine River, was used as a relative reference site not directly impacted by the Paris 

conurbation (Goutte et al., 2018). Levallois (48.54° N, 2.17° E) and Le Pecq (48.53° N, 2.06° 

E), are situated on the Seine River, 10–30 km downstream of Paris. The farthest downstream 

site, Triel-sur-Seine (48.98° N, 2.00° E), is located downstream of the Seine and Oise river 

confluence; it was selected to integrate inputs from the Paris conurbation as well as those 

from a fluorochemical plant located in the Oise River watershed (Boiteux et al., 2017).  

 

2.3. Sampling 

Composite surface sediment samples (0–2 cm, n = 1 per site) were collected in August 2019 

at each location with a stainless-steel spoon and kept in aluminum containers at 4°C. Upon 

arrival at the laboratory, samples were stored at -20°C until further analysis.  

European Chub samples were collected at the same time than sediments, according to Azimi 

and Rocher (2016). This bentho-pelagic species is frequently used for biomonitoring studies 

as chubs are very abundant in European rivers (Caffrey et al., 2008). In addition, S. cephalus 

are long-lived omnivorous fishes with large interindividual diet variations (Balestrieri et al., 

2006). Fish were collected by electrofishing (n = 10–12 per site), anesthetized (MS222, 1 g.L
-

1
 in river water) and euthanized. After sacrifice, sex was determined based on gonad 

morphology for each individual, then length and weight were recorded (Table S6). Individuals 

were dissected on site to collect liver (n = 45) and fillets (dorsal muscle) (n = 46). Tissues 
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were stored in polypropylene tubes in a cooler (4°C) and then stored at -20°C upon arrival at 

the laboratory and until further analysis.  

2.4. PFAS analysis 

Sediment samples were freeze-dried, sieved at 2mm, ground with a ball mill and 

homogenized before analysis. Fish tissues were also freeze-dried, ground and homogenized. 

Fish samples were prepared using a procedure adapted from a previous study by our group 

(Simonnet-Laprade et al., 2019). Briefly, prior to microwave-assisted solvent extraction using 

12 mL of MeOH + 100 mM NaOH (10 min, 70°C), ISs (2 ng each) were added to fish tissues 

(muscle: 200 mg dry weight (dw); liver: 50 mg dw). Extracts were sequentially cleaned-up on 

Strata X-AW and ENVI-Carb cartridges before concentration to 300 µL (N2, 45°C), transfer 

to polypropylene injection vials and storage at -20°C until analysis. Sediment samples (1g 

dw) were processed similarly but clean-up was performed on ENVI-Carb cartridges only. 

PFAS analyses were performed using liquid chromatography coupled with tandem mass 

spectrometry on a 1290 LC system interfaced with a 6495 triple quadrupole mass 

spectrometer from Agilent Technologies (Massy, France). Further details on chromatographic 

conditions and mass spectrometry parameters are provided in the SI (Table S2). 

Procedural blank consisted of extraction solvent supplemented with ISs. For analytes 

quantified in procedural blanks (Table S3), data were blank-corrected. Limits of detection 

(LoDs), based on either blanks or signal-to-noise ratios as described elsewhere (Munoz et al., 

2015), were in the range 0.005–1.0 ng g
-1 

wet weight (ww), 0.02–1.0 ng g
-1

 ww and 0.05–0.45 

ng g
-1 

dw for fish muscle, liver and sediment respectively (Table S4). The limits of 

quantification (LoQs) were determined as 10/3*LoD. 
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2.5. Quality assurance and quality control 

Whole method recovery rates were assessed through the analysis of common sole (Solea 

solea) fillets from the Gironde estuary (n = 9, fortified at 5 ng.g
-1

 ww) and sediment from the 

Orge River (n = 3, fortified at 5 ng g
-1

 dw); recoveries ranged between 50 and 105% for all 

but two analytes in fish muscle, while they were in the range 48–91% for sediments, except 

for FTABs (Table S5). Accuracy was determined with common sole fillets (n = 16) and 

sediment (n = 3) spiked with ISs and analytes at the beginning of the procedure (5 ng g
-1

 

each). It was in the range 80–120% in spiked sediment and 52–119% in fish tissues, with 

relative standard deviation (RSD) between 6 and 21%, except for 6:2 FTAB and 8:2 FTAB 

(Table S5). The overall lower performances for the determination of FTABs in a complex 

matrices are not unexpected, considering the lack of appropriate ISs (i.e. isotopologues) and 

the structural differences with anionic PFAS. This led to the overestimation of their 

concentration in fish tissues (factor 1.4–1.7) and to the underestimation of their concentrations 

in sediments (factor 2.9–3.3), which did not affect our conclusions (e.g. see molecular 

patterns in section 3.2).  

 

2.6. Stable isotope analysis 

The isotopic composition of fish fillets was evaluated on defatted tissues (Bodin et al., 2009; 

Simonnet-Laprade et al., 2019). Samples (0.2 ± 0.1 mg) were weighed in tin capsules and 

stable isotope ratios were determined using a ThermoFinnigan Delta V elemental analyzer 

(EA-IRMS) with a Conflo IV interface. Carbon and nitrogen isotopic compositions were 

expresse  as per mil (‰) in the δ notation relati e to Vienna Pee Dee Belemnite (VPDB) an  

atmospheric N2, respectively. Trueness was assessed through replicate analyses (every 10–12 

samples) of IAEA-N2 (δ
15

N = 20.3‰) an  USG-24 (δ
13

C = -16.05 ± 0.1‰) referen e 
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materials and averaged 20.25 ± 0.23 (n = 10) and -15.94 ± 0.35 (n = 18) for δ
15

N and δ
13

C 

respectively. 

 

2.7. Statistics 

The R statistical software (R version version 4.0.5 R core team 2021) was used to perform 

statistical analyses. Values <LoD were replaced by 0.5 × LoD and PFAS with detection 

frequency (DF) < 50 % were not considered for statistics. Since data were not normally 

distributed (Shapiro-Wilk W-test), statistical differences between groups were perform with 

Mann-Whitney (paired comparison) or Kruskall-Wallis (comparison of several samples) test, 

followed by Dunn post-hoc procedure with Bonferroni correction for multiple comparison to 

specify which groups differed from the others. The Spearman's rank correlation coefficient 

was used to investigate correlation between individual PFAS and between liver and muscle 

PFAS concentrations. Analysis of covariance (ANCOVA) was performed to explore the 

influence of potential explanatory variables (i.e. length, weight, δ
15

N and δ
13

C) on 

contamination levels; sampling site was considered as a qualitative variable. Variables were 

centered and reduced to estimate their relative contribution to the regression models. For each 

model, significant variables were determined by type III sum of square analysis and the 

improvement of models resulting from the removal of non-significant variables was assessed 

by the partial F-test. For all analyses, the significance threshold was set at 0.05.  

 

3. Results And Discussion 

3.1. Fish biometry and trophic ecology.  
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To acquire a robust dataset, 46 individuals were collected (i.e. 10–12 per sampling site). Fish 

length ranged from 176 to 500 mm and from 170 to 354 mm for females and males 

respectively; weight ranged from 56 to 1572 g and from 47 to 419 g for females and males, 

respectively. Thus, individuals displayed contrasting features (Table S6) with a RSD of 28% 

and 103% for length (proxy for fish age) and weight, respectively. No significant difference in 

length or weight distribution was observed between sampling sites. Based on results acquired 

in the same biogeographical area and using length as proxy for age, most sampled individuals 

were likely sexually immature (Mann, 1976). 

δ
13

C and δ
15

N values ranged from -24.26 to -27.82 ‰ (mean -26.70 ± 0.74 ‰) and 9.40 to 

13.32 ‰ (mean 11.47 ± 0.90 ‰), respectively (Figure 1). The wide range of δ
13

C values are 

in good agreement with the variety of carbon sources utilized by this omnivorous species 

( ar o ić et al., 2007). Nitrogen isotope ratios were significantly different between sites, 

with higher δ
15

N values at Triel-sur-Seine than at Le Pecq and Gournay-sur-Marne. This δ
15

N 

enrichment may be linked to inputs from a large wastewater treatment (WWTP) (Hicks et al., 

2017; Munoz et al., 2018) located a few km upstream (Hicks et al., 2017; Munoz et al., 2018). 

The lower variability of isotopic ratios at Triel-sur-Seine may also indicate a specialization in 

S. cephalus diet (Hette Tronquart et al., 2016). Overall, inter-individual differences are likely 

due to sampling site specificities and to the omnivorous diet of S. cephalus.  



14 

 

 

Figure 1. Mean stable isotope signature (δ
15

N vs δ
13

C) in European chub fillets collected in 

the Seine River basin (error bars represent standard deviations) 

 

3.2. PFAS concentrations and patterns in sediments  

Analysis of surface sediments provided a time-integrated estimation of PFAS contamination 

at the different sampling sites. Among the 36 analyzed PFAS, 17 were detected in this 

compartment (Table S7). L-PFOS, Br-PFOS, PFDoDA and 6:2 FTAB were systematically 

detected; 5:3 FTCA was detected at all sites except Le Pecq and 8:2 FTAB levels were > 

LOD at two sites (Levallois and Triel-sur-Seine). PFAA alternatives such as 6:2 and 8:2 Cl-

PFESA or HFPO-DA were never detected but ADONA was quantified at two sites, albeit at 

low levels (< 0.04 ng.g
-1

 dw). The low detection frequency of these compounds compared to a 

recent report for the Bohai Bay, China (Chen et al., 2020), illustrates the weakness of their 

current emissions in the Seine River basin (i.e. few or no industrial sources). ∑PFAS was in 

the range 0.78–6.7 ng g
-1

 dw, with individual compounds generally below ng g
-1

 level (Table 
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S7) except 6:2 FTAB at Triel-sur-Seine (1.70 ± 0.07 ng g
-1

 dw). Concentrations were in the 

same order of magnitude than those previously observed in the Seine River (Munoz et al., 

2018) and in the nearby Orge  i er (mean ∑PFAS = 2.28 ± 2.31 ng g
-1

 dw) (Simonnet-

Laprade et al., 2019). At all sites, molecular patterns were dominated by 6:2 FTAB that 

accounted for 46 ± 19% of ∑PFAS, followed by 5:3 FTCA and L-PFOS (18 ± 14% and 14 ± 

4%, respectively); this clearly provided evidence for the non-negligible contribution of 

several PFAS of emerging concern (Figure S2). A peculiar PFAS pattern was observed at 

Triel-sur-Seine, i.e. the presence of 6:2 FTSA (2.6 ± 0.8% of ∑PFAS). Additionally, when 

PFAS levels were normalized to the total organic carbon content, sediments collected at Triel-

sur-Seine appeared more contaminated than those from the further upstream locations. 

Conversely, Munoz et al. (2018) found no contamination gradient on this river stretch. The 

difference with our study may arise from specific hydrological conditions, i.e. the particularly 

low flow rate of the Seine River observed during summer 2019 may have reduced the dilution 

capacity and sediment transport at the most downstream site. The extended list of PFAS 

targeted herein (e.g. inclusion of FTABs) may also explain this discrepancy. For instance, 6:2 

FTAB proved to be ubiquitous in French river sediments (Munoz et al., 2016) and 

predominant in sediments from the Oise River collected downstream of a fluorochemical 

manufacturing plant (Boiteux et al., 2017), thus likely contributing to the higher levels of this 

compound at Triel-sur-Seine. Inputs from this plant also possibly make for the increased 6:2 

FTSA contribution, as observed in periphytic biofilm from the same site (Munoz et al., 2018). 

The presence of FTSAs in the Seine River could directly originate either from the use or 

production of these compounds or from the biotransformation of precursors such as 

fluorotelomer sulfonamidoalkyl betaines found in AFFF formulations (Field and Seow, 2017). 

The peculiar molecular pattern observed at the most downstream site may also be attributed to 

increased WWTP inputs (Munoz et al., 2018). 
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3.3. PFAS levels and patterns in fish  

Across all sampling sites, C10–C14 PFCAs, L-PFOS, FOSA and 10:2 FTSA were detected in 

all fish (Table 1). MeFOSAA was also frequently detected in muscle (96%) while PFOA and 

PFDS were routinely detected in liver (91% and 98%, respectively). Conversely, most 

emerging PFAS were less frequently reported. For instance, 8:2 FTSA was more rarely 

detected than 10:2 FTSA (22 % and 58 % of muscle and liver samples, respectively), while 

PFECHS was found in 20% of liver samples only and 8:2 Cl-PFESA was detected in a single 

liver sample at Le Pecq. This further suggests that these PFAS are not widely emitted in the 

Seine River basin yet. Although FTABs were present in sediments, 6:2 FTAB was never 

detected in fish and 8:2 FTAB was detected in only 4 individuals from Triel-Sur-Seine, at low 

level (<LoQ).  

∑PFAS was in the range 0.22–3.8 ng g
-1

 ww and 11–140 ng g
-1

 ww in muscle and liver, 

respectively (Table 1); this resulted in an interindividual variability of 52% and 47%, 

respectively. ∑PFAS was in the same order of magnitude than those reported for S. cephalus 

elsewhere in Europe. Such concentrations were actually in the same range than those reported 

for other freshwater ecosystems in France (Babut et al., 2017; Simonnet-Laprade et al., 2019) 

or Germany (Fliedner et al., 208), but somewhat lower than those observed in the Czech 

Republic (Cerveny et al., 2016) (i.e. up to 38 ng g
-1

 ww in fillets). Higher levels in liver than 

in muscle are consistent with PFAS affinity for specific proteins, e.g. liver fatty acid-binding 

proteins (Labadie and Chevreuil, 2011). 
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As regards individual PFAS, the highest concentrations were observed for L-PFOS (0.63–13 

ng g
-1

 ww and 5.8–94 ng g
-1

 ww in muscle and liver, respectively) and even-number long-

chain PFCAs: PFDoDA (0.37–5.0 ng g
-1

 ww and 1.6–18 ng g
-1 

ww in muscle and liver, 

respectively) and PFTeDA (0.22–3.8 ng g
-1

 ww and 0.66–12 ng g
-1 

ww in muscle and liver, 

respectively). These results were expected due to the greater bioaccumulation potential of 

long-chain PFAS (Labadie and Chevreuil, 2011). PFOS is regulated under the European 

Water Framework directive and an environmental quality standard for biota (EQSbiota) was set 

up to prote t “H man health  ia  ons mption of fishery pro   ts”, i.e. 9.1 ng g
-1 

ww 

(European Commission, 2013). For chub, whole-body PFOS concentrations can be estimated 

based on concentrations in fillets and using a conversion factor of 1.908 (Simmonet-Laprade 

et al., 2019). The exceedance frequency was quite low (i.e. 6.5 % of analyzed fish) but 

EQSbiota compliance for PFOS was observed at two sites only, since levels in two individuals 

from Levallois and a single one from Le Pecq exceeded the threshold value of 9.1 ng g
-1

 ww. 

This provides further evidence that despite PFOS phase-out in Europe, the contamination of 

hydrosystems by this chemical remains a long-term environmental issue. The median 

concentrations of other long-chain PFCAs were in the range <0.03–1.6 ng g
-1

 ww and 0.12–

10 ng g
-1

 ww in muscle and liver, respectively (Figure 2). The bioaccumulation of the 

fluorotelomer 10:2 FTSA has seldom been reported so far. Here, its median concentrations 

were 0.13 ng g
-1

 ww and 0.74 ng g
-1

 ww in muscle and liver, respectively. Noteworthy, such 

values are lower than those observed for PFCAs but much larger than those reported herein 

for other PFAA precursors. The concentration range of this often overlooked compound was 

similar to that reported for other cyprinids from the nearby Orge River (Simonnet-Laprade et 

al., 2019) but lower than those observed in the Chaudiere River following the massive use of 

AFFFs (Munoz et al., 2017b). 
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In fish tiss es, ∑PFAS an  se eral individual compounds exhibited significant spatial 

differences (Table S9). Fish from Gournay-sur-Marne displayed lower le els of ∑PFAS, 

∑PFOS, 10:2 FTSA an  FOSA  ompare  to those obser e  at all  ownstream sites on the 

Seine River. Although, the highest me ian ∑PFAS was meas re  at  e allois, PFAS levels in 

fish did not differ between sites located downstream of Paris. A contamination gradient in the 

Seine River was previously observed for dissolved PFAS (Munoz et al., 2018) and for other 

micropollutants in sediment and fish (Teil et al., 2014). Here, we found lower PFAS levels 

upstream of Paris, which further confirms the impact of dense urban areas on the Seine River 

contamination. Note that we did not investigate a strict longitudinal gradient since the 

upstream site was located on the Marne River; however, similar trends were reported for trace 

metals  and Gournay-Sur-Marne can be considered as a suitable reference site at regional 

scale (Elbaz-Poulichet et al., 2006; Grosbois et al., 2006). 

As stated above, L-PFOS and long-chain carboxylates were the dominant compounds in chub; 

this is consistent with previous findings in freshwater fish (Labadie and Chevreuil, 2011; 

Ahrens et al., 2015; Simonnet-Laprade et al., 2019). The relative abundance of emerging 

PFAS was also examined. When detected, the contribution of 5:3 FTCA to ∑PFAS in muscle 

was in the range 5–9 % (n = 3) while PFECHS contribution in liver was in the range 0.5–

1.8%.  

The contribution of FTSAs significantly increased at Triel-Sur-Seine. For instance, 10:2 

FTSA accounted at this site for 2.3 ± 0.5% and 1.9 ± 0.4% of ∑PFAS in m s le an  li er, 

respectively. At this site, 6:2 FTSA was found in liver and 8:2 FTSA in both liver and muscle, 

but their  ontrib tion to ∑PFAS was low (i.e. < 1 %) partly because of their lower 

bioaccumulation potential. This specific pattern is likely related to industrial inputs (Munoz et 

al., 2015). When detected, 8:2 FTAB contribution was similar to that of 10:2 FTSA in muscle. 

Very few data are available for FTSAs and the existing studies mostly focused on 6:2 FTSA 
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(Butt et al., 2014; Zhang et al., 2021). Ahrens et al. (2015) found a higher contribution of 6:2 

FTSA to ∑PFAS in gonads and lower relative contribution of this  ompo n  to ∑PFAS in 

liver and muscle tissues of Perca fluviatilis near Stockholm Arlanda Airport. Our results 

suggest that a similar relative abundance can be expected for 10:2 FTSA in muscle and liver 

(Figure 2). 

Correlations among individual PFAS were examined separately for muscle and liver samples 

(Figure S3). Positive associations were observed between most compounds in both matrices, 

with a few exceptions. For instance, only 10:2 FTSA and PFTeDA were not correlated with 

each other in liver, suggesting a different behavior between these two compounds (i.e. a 

PFAA precursor and a potential biotransformation end product). In muscle, PFTrDA and 

PFTeDA were correlated with neither 10:2 FTSA nor FOSA but showed significant 

associations with other PFAS. Potential sources for these compounds include the 

biotransformation of precursors (Ahrens, 2011).  

For each sampling location, biota-to-sediment accumulation factors (BSAFs) were calculated 

for selected emerging PFAS and for PFOS (i.e. considered as benchmark compound) (Table 

S8). For the sake of comparison with the literature, BSAFs were calculated in two ways, i.e. 

based on PFAS concentrations in sediments expressed either on a dry weight basis (BSAF) or 

normalized to the total organic carbon content (BSAFOC). Overall, log BSAFOC were less 

variable than logBSAF values (i.e. lower relative standard deviation), thereby highlighting the 

usefulness of OC normalization. It appeared that the log BSAFOC of these emerging PFAS 

were lower than those of L-PFOS (in the range -2.3 – -1.1 vs -1.3 – 0.01). The low log 

BSAFOC of 8:2 FTAB may result from its strong binding with sediment particles via 

electrostatic interactions with negatively charged organic matter (Barzen-Hanson et al., 2017; 

Munoz et al., 2017b). In addition, 6:2 FTAB exhibited a lower biota-to-soil accumulation 

factor than PFOS (Munoz et al., 2020). This may also be related to efficient 
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biotransformation, as observed in zebrafish (Shi et al., 2019). Likewise, other sulfonamide 

betaines also proved to be metabolized into PFAAs in earthworm (Jin et al., 2020). 5:3 FTCA 

may result from the aerobic or anaerobic biotransformation of fluorotelomer-based 

compounds (Liu et al., 2010; Chen et al., 2019). . In particular, it has been suggested as a 

marker of landfill leachate (Allred et al., 2015; Hamid et al., 2020). Although frequently 

detected in sediments, 5:3 FTCA was quantified in three fish muscle samples only, which 

illustrates its low bioaccumulation potential. Nevertheless, it seemingly displayed the highest 

log BSAFOC of emerging PFAS; calculations were, however, performed on a limited number 

of samples (n=3) and results are therefore given as indicative values. Finally, 10:2 FTSA 

displayed intermediate BSAF, somewhat lower those previously reported for this compound 

(Munoz et al., 2017b). 
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Table 1. PFAS occurrence in European chub muscle and liver (all sites considered) (DF: 

detection frequency). 

  Muscle (n = 46)     Liver (n = 46)   

  DF (%) 
Range 

(ng.g
-1

 ww) 

Median 

(ng.g
-1

 ww)  
DF (%) 

Range 

(ng.g
-1

 ww) 

Median 

(ng.g
-1

 ww) 

PFHxA 0 <0.02 <0.02 

 

0 <0.02 <0.02 

PFHpA  2 <0.005–0.02 <0.005 

 

0 <0.005 <0.005 

PFOA  2 <0.06–0.13 <0.06 

 

33 <0.06–0.26 <0.06 

PFNA  28 <0.03–0.11 <0.03 

 

91 <0.03–0.78 0.12 

PFDA  100 0.09–1.6 0.58 

 

100 0.56–10 2.8 

PFUnDA  100 0.06–1.2 0.35 

 

96 <0.53–5.1 1.7 

PFDoDA  100 0.37–5.0 1.6 

 

100 1.6–18 7.0 

PFTrDA  100 0.07–1.6 0.39 

 

100 0.25–3.3 1.0 

PFTeDA  100 0.22–3.8 0.90 

 

100 0.66–12 3.1 

PFBS 0 <0.07 <0.07 

 

0 <0.42 <0.42 

PFHxS  11 <0.02–0.10 <0.02 

 

42 <0.17–1.6 <0.17 

PFHpS  2 <0.05–0.09 <0.05 

 

44 <0.32–0.66 <0.32 

Br-PFOS  93 <0.06–3.29 0.14 

 

100 1.1–7.6 3.2 

L-PFOS 100 0.63–13.3 2.6 

 

100 5.8–94 28.7 

PFDS  28 <0.06–0.27 <0.06 

 

98 <0.10–1.5 0.27 

4:2 FTSA 0 <0.004 <0.004 

 

0 <0.02 <0.02 

6:2 FTSA  0 <0.12 <0.12 

 

18 <0.12–0.37 <0.12 

8:2 FTSA  22 <0.01–0.03 <0.01 

 

58 <0.02–0.42 0.08 

10:2 FTSA  100 0.03–0.24 0.13 

 

100 0.16–1.5 0.74 

FOSAA 0 <0.008 <0.008 

 

0 <0.05 <0.05 

N-MeFOSAA  96 <0.05–0.09 0.07 

 

58 <0.28–0.50 0.31 

N-EtFOSAA  0 <0.15 <0.15 

 

24 <0.002–0.02 <0.002 

FOSA  100 0.01–0.14 0.05 

 

100 0.04–0.70 0.20 

N-MeFOSA 0 <0.01 <0.01 

 

0 <0.06 <0.06 

6:2 diPAP  4 <1.0–2.1 <1.0 

 

7 <1.0–4.0 <1.0 

8:2 diPAP  9 <0.08–0.27 <0.08 

 

2 <0.21–1.2 <0.21 

6:2 FTAB 0 <0.34 <0.34 

 

0 <2.0 <2.0 

8:2 FTAB  9 <0.13–0.20 <0.13 

 

2 <0.47–0.77 <0.47 

HFPO-DA 0 <0.30 <0.30 

 

0 <0.35 

 ADONA 0 <0.01 <0.01 

 

0 <0.01 <0.01 

6:2 Cl-PFESA 0 <0.01 <0.01 

 

0 <0.06 <0.06 

8:2 Cl-PFESA 0 <0.006 <0.006 

 

2 <0.20–0.22 <0.20 

PFECHS  0 <0.19 <0.19 

 

20 <0.46–0.66 <0.46 

5:3 FTCA 7 <0.09–0.75 <0.09 

 

0 <0.36 <0.36 

∑PFAS 100 0.22–3.8 7.4   100 11–140 54 
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 1 

Figure 2. Relative contribution of individual PFAS to ∑PFAS in muscle (top) and liver (bottom). (a) Gournay-Sur-Marne, (b) Levallois, (c) Le 2 

Pecq, (d) Triel-Sur-Seine. PFAS were color-coded: pink = PFCAs, green = PFSAs, red = FTSAs, yellow = (N-alkyl)-FASAAs; orange = (N-3 

alkyl)-FASAs, grey = “other PFAS”. Note that a logarithmic scale was used for the y-axis. 4 
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3.4. Tissue distribution 5 

As expected, PFAS concentrations were higher in liver than in muscle; liver-to-muscle ratios 6 

(LMRs) were systematically higher than 1 except for 5:3 FTCA (Table S10). LMRs for 7 

PFAAs and FOSA were consistent with previously published values for Cyprinids (Labadie 8 

and Chevreuil, 2011; Babut et al., 2017; Wu et al., 2019). These are, however, the first data 9 

for the emerging PFAS listed in Table S10, which tissue distribution is not documented. 10 

Large inter-individual variations LMRs were usually observed: the highest inter-individual 11 

variation was for FOSA and 8:2 FTSA (i.e. > 60%), while other PFAS displayed relative 12 

standard deviations in the range 33–51%. LMRs computed for 10:2 FTSA, the most recurring 13 

FTSA, were similar to those calculated for PFUnDA (5.9±1.9 vs 5.1±1.9), which exhibits a 14 

similar perfluoroalkyl chain length, but approximately twice lower than those of L-PFOS 15 

(10.7±3.5) likely because of different binding affinity for muscle/liver proteins.  16 

Correlations between PFAS levels in liver and muscle were also explored for analytes with 17 

DF > 90%. Significant associations were found for all tested compounds and R² ranged from 18 

0.31 to 0.70 (Figure S4). This indicated that hepatic and muscular levels were related although 19 

the relation was sometimes weak, in good agreement with the variable LMRs presented 20 

above. The lowest correlation coefficient reported for FOSA was possibly due to inter-21 

individual differences in hepatic biotransformation capacities (i.e. conversion of FOSA to 22 

PFOS (Letcher et al., 2014)).  23 

  24 
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3.5. Influence of selected factors on the bioaccumulation of PFAS 25 

To investigate the controlling factors of PFAS bioaccumulation in European Chub, an 26 

ANCOVA was performed based on PFAS levels in fish muscle. Such analysis is equivalent to 27 

a multiple linear regression including quantitative and qualitative variables (Babut et al., 28 

2017). As demonstrated above, sampling site was a potential determinant of PFAS levels in 29 

fish (i.e. contamination gradient/spatial heterogeneity) and a potential confounding factor (i.e. 30 

differences in fish C and N isotopic signatures across sites). Thus, it was included as a 31 

categorical variable, along with sex (Peng et al., 2010). Explanatory quantitative variables 32 

were fish length and trophic ecology proxies (i.e. δ
13

C and δ
15

N). Fish weight was not 33 

included as it was strongly correlated with fish length (Figure S5). The latter is often used as a 34 

proxy for fish age, thus being more relevant for bioaccumulation studies. PFAS with DF > 35 

90% (i.e. C10-C14 PFCAs, PFOS, FOSA and 10:2 FTSA) were chosen as response variables. 36 

Significant variables and models coefficients are presented in Table 2. 37 

 38 
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Table 2. ANCOVA results for selected PFAS. Regression coefficients for significant quantitative variables are given in the right-hand column. 39 

CI: confidence interval.  40 

  Variables Adjusted R²(p-value) Variables (p-value) Coefficients for significant 

quantitative variables (95% CI) 

PFDA Length, δ13C, δ15N / Site, Sex 0.46 (p < 0.0001) Length (0.336); δ15N (0.163); δ13C (0.006) / Site (<0.0001); Sex (0.529)  

δ13C / Site 0.47 (p < 0.0001) δ13C (0.005) / Site (<0.0001) δ13C: 0.39 (0.12–0.66) 

PFUnDA Length, δ13C, δ15N / Site, Sex 0.47 (p < 0.0001) Length (0.290); δ15N (0.014); δ13C (<0.001) / Site (<0.0001); Sex (0.869)  

δ13C, δ15N / Site 0.49 (p < 0.0001) δ13C (<0.001); δ15N (0.016) / Site (<0.0001) δ13C: 0.49 (0.23–0.76) 

δ15N: 0.36 (0.07–0.66) 

PFDoDA Length, δ13C, δ15N / Site, Sex 0.47 (p < 0.0001) Length (0.873); δ15N (0.002); δ13C (0.004) / Site (<0.0001); Sex (0.777)  

δ13C, δ15N / Site 0.49 (p < 0.0001) δ13C (0.003); δ15N (<0.001) / Site (<0.0001) δ13C: 0.41 (0.15–0.67) 

δ15N: 0.61 (0.32–0.90) 

PFTrDA Length, δ13C, δ15N / Site, Sex 0.51 (p < 0.0001) Length (0.550); δ15N (0.004); δ13C (0.005) / Site (<0.001); Sex (0.924)  

δ13C, δ15N / Site 0.50 (p < 0.0001) δ13C (0.004); δ15N (<0.001) / Site (<0.001) δ13C: 0.39 (0.14–0.65) 

δ15N: 0.66 (0.37–0.95) 

PFTeDA Length, δ13C, δ15N / Site, Sex 0.48 (p < 0.0001) Length (0.311); δ15N (0.004); δ13C (0.006) / Site (0.005); Sex (0.807)  

δ13C, δ15N / Site 0.49 (p < 0.0001) δ13C (0.006); δ15N (<0.001) / Site (<0.001) δ13C: 0.38 (0.12–0.64) 

δ15N: 0.72 (0.43–1.01) 

PFOS Length, δ13C, δ15N / Site, Sex 0.51 (p < 0.0001) Length (0.687); δ15N (0.031); δ13C (<0.001) / Site (<0.001); Sex (0.274)  

δ13C, δ15N / Site 0.51 (p < 0.0001) δ13C (<0.001); δ15N (<0.001) / Site (<0.0001) δ13C: 0.52 (0.27–0.78) 

δ15N: 0.52 (0.23–0.80) 

10:2 FTSA Length, δ13C, δ15N / Site, Sex 0.50 (p < 0.0001) Length (0.721); δ15N (0.566); δ13C (0.734) / Site (<0.0001); Sex (0.854)  

Site 0.54 (p < 0.0001) Site (<0.0001)  

FOSA Length, δ13C, δ15N / Site, Sex 0.49 (p < 0.0001) Length (0.356); δ15N (0.432); δ13C (0.483) / Site (<0.0001); Sex (0.956)  

Site 0.52 (p < 0.0001) Site (<0.0001)   



26 

 

For all tested compounds, regression models were significant when all variables were 41 

included (Table 2). R² ranged between 0.47 and 0.54 (PFDA and 10:2 FTSA, respectively) 42 

with sampling site being highly significant for all compounds. When the latter was not taken 43 

into account, regression models were still significant for PFDoDA, PFTrDA, PFTeDA and 44 

PFOS (R² = 0.18, 0.23, 0.30 and 0.25, respectively; data not shown in Table 2).  45 

Maternal transfer is a likely elimination pathway in fish (Peng et al., 2010), thereby 46 

potentially inducing sex-specific accumulation levels and patterns. Here, however, sex was 47 

not a significant variable. This indicates that PFAS bioaccumulation in European chub was 48 

not sex-dependent for the life stages considered in our study (i.e. mostly immature 49 

individuals), as observed elsewhere (Gewurtz et al., 2012; Pan et al., 2014; Arinaitwe et al., 50 

2020; Schultes et al., 2020). Here, fish length influence was not significant, while it was an 51 

important driver of PFAS bioaccumulation in the cyprinid Barbus barbus from the Rhône 52 

River (Babut et al., 2017) or in the common sole Solea solea from the Gironde estuary 53 

(Munoz et al., 2017a). In these studies, higher levels were found in smaller individuals 54 

because of lower elimination rates and growth dilution. A plausible explanation for this 55 

discrepancy might come from the absence of very young juveniles in the present study (i.e. no 56 

individuals below 17 cm). As hypothesized, PFAS bioaccumulation in European chub was 57 

significantly influenced by diet, to an extent varying according to the compound. However, 58 

other factors were likely at a play, as evidenced by the coefficients of determination of the 59 

multiple regressions (e.g. contamination gradient, respiratory exposure). 60 

For FOSA and 10:2 FTSA, sampling site was the only significant variable among those tested 61 

in the present study. Conversely, PFDA bioaccumulation was also dependent on δ
13

C while 62 

PFUnDA, PFDoDA, PFTrDA, PFTeDA and PFOS bioaccumulation was significantly 63 

controlled by both δ
13

C and δ
15

N. We therefore show that diet is a major controlling factor of 64 

PFAS bioaccumulation in an omnivorous river fish species such as European chub. The 65 
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influence of δ
15

N is consistent with the biomagnification of these PFAS, as observed in 66 

various aquatic environments (Simonnet-Laprade et al., 2019; Penland et al., 2020; Pan et al., 67 

2021). Carbon sources in lotic systems are complex (Ishikawa et al., 2012) and more negative 68 

δ
13

C are mostly linked to detrital organic matter in river, i.e. a carbon source linked with 69 

sediments (Finlay, 2001). Since positive coefficients were found for δ
13

C (Table 2), PFAS 70 

levels tended to increase with δ
13

C. This strongly suggests that chub that feed more on 71 

autochthonous carbon sources (e.g. periphytic biofilm or biofilm grazers) are more exposed to 72 

PFAS. Such a result is consistent with PFAS accumulation in biofilms, proven to exceed that 73 

observed in sediments (Munoz et al., 2018).  74 

In addition, data transformation allowed ranking model coefficients to determine their relative 75 

weight. We found that the 95% confidence intervals of model coefficients overlapped for δ
15

N 76 

and δ
13

C. Thus, our findings indicate that both factors exhibited similar weights; carbon 77 

sources use is therefore equally important as trophic position to explain within-species 78 

variability of PFAS bioaccumulation in S. cephalus.  79 

Overall, while other exposure pathways are likely important, e.g. respiratory uptake across the 80 

gills (Armitage et al., 2017), uptake via the diet and dietary habits appeared to significantly 81 

influence the interindividual variability of PFAS levels in European chub from a river under 82 

urban influence. In such rivers, dissolved PFAS concentrations may rapidly vary depending 83 

on hydrological conditions (Munoz et al., 2018). The relative influence of each parameters 84 

should be further investigated on different chub populations and different species to confirm 85 

these results, while other relevant variables such as protein/phospholipid content could also be 86 

considered (Armitage et al., 2013). 87 

 88 

 89 
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4. Conclusion  90 

This study investigated an extended list of PFAS in sediment and fish along a longitudinal 91 

transect in the Seine River basin. The results suggest that the Greater Paris has a strong 92 

influence on PFAS inputs in the Seine River. We demonstrated the widespread occurrence in 93 

sediment and fish of PFAS of emerging concern such as FTABs and FTSAs, usually linked to 94 

point sources related to firefighting or industrial activities. In particular, 6:2 FTAB was 95 

prevalent in most sediments, while 10:2 FTSA was ubiquitous in fish. Such findings highlight 96 

the need for suitable quantitative analytical methods to address a wide range of target 97 

compounds, which is mandatory to better understand PFAS occurrence and fate in 98 

hydrosystems. PFAS levels in fish were dependent on the sampling site, but trophic ecology 99 

significantly explained interindividual variations; trophic level and carbon sources displayed 100 

similar weights. However, while such drivers are influential, they are not sufficient to fully 101 

explain PFAS bioaccumulation in European chub at the individual level. Future research is 102 

therefore needed to get further insight into this issue. 103 
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