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Abstract

This study aimed at bridging knowledge gaps regarding the land-sea transport of per- and
polyfluoroalkyl substances (PFASs) through riverine discharge into coastal waters. The
present survey was conducted in the Gironde estuary (southwestern France) where PFASs
were ubiquitously detected albeit at low levels. Emerging PFASs such as fluorotelomer
sulfonates or polyfluoroalkyl phosphate diesters accounted for a relatively minor proportion of
>PFASs, while perfluorooctane  sulfonate, perfluorohexane  sulfonate, and
perfluorohexanoate were the predominant congeners. Multiple linear regressions provided
insights into the relative influence of factors controlling PFAS sediment levels. In that respect,
the organic carbon fraction (strongly correlated to sediment grain size) appeared as a more
important controlling factor than black carbon or distance from upstream sources for long-
chain perfluoroalkyl acids. In the maximum turbidity zone (suspended solids up to 2600 mg L
1), the particle-associated fraction was almost consistently > 50% for long-chain
perfluoroalkyl carboxylates and sulfonates (=C8 and =C6, respectively). Empirical models of
Ko partitioning coefficients were derived by integrating, for the first time, both particle-
concentration and salting-out effects. These results represent a significant progress toward
the development of numerical transport models integrating both PFAS partitioning and 3D-
hydrosedimentary dynamics, with a view to estimate PFAS mass budgets at the land-sea

interface.



Introduction

In the global context of anthropogenically-induced changes, the dissemination of persistent
organic pollutants (POPSs) in natural environments, which may pose threats to human health
and wildlife, has emerged as a major issue in the last 60 years. While legacy POPs are still
under close scrutiny of environmental monitoring programs, the past two decades have also
witnessed the identification of POPs of emerging concern. Such is the case of perfluoroalkyl
and polyfluoroalkyl substances (PFASs). PFASs are synthetic fluorosurfactants that have
been produced since the 1950s and that have catered to requirements of industrial
processes, consumer goods, and specialty applications including firefighting foam
formulations.** Despite early observations of perfluorooctanoate (PFOA) in workers from
fluorochemical facilities or initial evidence of toxicity on mammals, it was not until 1999-2001
that the global extent of PFAS distribution in natural environments was established.® Since
then, PFASs have been recognized as pollutants of emerging concern.® The environmental
research on PFASs has been extensive, with a special focus on perfluoroalkyl acids
(PFAASs), either used in the industry for decades or resulting from the degradation of
numerous fluoroalkylated precursors.”~° Long-chain PFAAs are of particular concern, being
candidates for classification as very persistent and very bioaccumulative (vPvB); additionally,
these compounds may biomagnify in food webs.'%? In 2009, perfluorooctane sulfonate
(PFOS) and related compounds were listed under Annex B of the Stockholm Convention on
POPs.2 PFASs have been identified as ubiquitous contaminants, found even in remote areas
such as the Amazonian rain forest,*® polar regions,**!> and global oceans.® Taken together,
these findings provide evidence of potential for long-range transport (LRT) of these
chemicals, which may occur via both atmospheric transport and global oceanic

circulation.1”18

In contrast to many POPs, most PFASs are amphiphilic compounds; this implies that models
traditionally used for POPs (e.g., relying on descriptors such as the octanol-water partitioning
coefficient, Kou) show limited reliability to predict the environmental fate of ionic PFASs.*®
Thus, field or laboratory studies are still warranted to document the partitioning properties of
PFASs after release. Sorption of PFAAs onto sediment or suspended particulate matter
(SPM) has been shown to correlate with perfluoroalkyl chain length.2°-22 Factors reported to
influence the water-sediment distribution coefficient of PFASs include solution-specific
parameters such as salinity,?*%® dissolved organic matter®* or pH?’, and sorbent-specific
properties such as grain-size, organic carbon content?%2427-30 plack carbon content,3! and
total basicity or pore-size®2. In transitional waters such as estuaries, wide fluctuations of such
parameters may occur both temporally and spatially.**-%® Removal of contaminants from the
water column may be enhanced at neap tides (low current velocities) as coarser particles
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settle on the bed sediment, while the resuspension of sediment by upcoming tides may
contribute to their partial resupply through desorption or pore-water liberation.**3" In addition,
the sharp increase in salinity is expected to produce “salting-out” effects (decrease in
aqueous solubility with increasing ionic strength).383°

To date, the influence of physicochemical parameters on PFAS sorption has been principally
investigated under controlled laboratory conditions. Typically fewer studies have sought to
endorse the conclusions drawn through real in situ measurements at the land-sea interface.
Hong et al.?® investigated the in situ partitioning of PFASs in their survey across multiple
South Korea estuaries. By compiling the results obtained from different sites, the authors
suggested that the Kp coefficients could increase as a function of salinity, providing
preliminary yet convincing evidence of some salting-out of long-chain PFAAs.?® This
commendable effort to document salinity constants would appear as a first step toward
modeling PFAS sedimentation or export. In order to further calibrate and validate numerical
models of PFAS partitioning that are both spatially and temporally integrated, however,
critical knowledge gaps remain to be bridged with regard to PFAS in situ partitioning. For
instance, suspended particles can also play a significant role in estuarine biogeochemistry
cycles (e.g. adsorption/desorption hysteresis of contaminants).®® To the authors’ best
knowledge, no previous study has examined the in situ influence of the suspended solids
concentration on PFAS partitioning behavior. Hong et al.?® did not find a high correlation
between Kp and salinity, indicating that the latter parameter only partly explained the
variability of the data, and that adding other variables could possibly improve the model. It
may be hypothesized that both salinity and SPM load would exert a strong influence on the

environmental fate of PFASs, which provided the grounds for the present study.

The Gironde estuary (SW France) constitutes a relevant study site to verify this assumption,
with the ulterior aim of modeling the transport of PFASs from upstream riverine sources and
sequestration within the estuary boundaries prior to oceanic export. The Gironde is a
macrotidal highly turbid estuary characterized by a fairly permanent maximum turbidity zone
(MTZ2), typically extending several tens of kilometers. Due to these hydrogeological settings,
it is feasible to undertake in this system a temporally and spatially integrated survey covering
an extended range of salinity values and suspended solid loads. These aspects are
determinant for the generation of statistically sound correlations between Kp and controlling
environmental factors. In addition, PFAS inputs to the estuary essentially originate from
upstream sources (i.e. Toulouse and Bordeaux conurbations) and not from smaller tributaries
in the estuarine area (data not shown). Such particular features provide a unique opportunity
to investigate the environmental fate of PFASs through the salinity and turbidity gradient
while minimizing confounding PFAS lateral inputs, which represented another powerful
argument for the study site selection. The Gironde is also of great ecological significance. A
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variety of diadromous fish spend the juvenile part of their life cycle in its brackish waters,*%4!
during which they may be particularly vulnerable to environmental pollutions; the trophic
transfer of PFASs in this system was recently investigated.*?

The overarching aim of the present study was to determine whether PFASs would be
scavenged along the salinity/turbidity gradient of a macrotidal highly turbid estuary. This
entailed the delineation of three specific objectives: (i) to document the spatial distribution of
PFAS levels and profiles in subsurface and bottom water as well as in subtidal sediments
and intertidal mudflats, (ii) to determine which physicochemical factors drive PFAS levels in
the sediment, and (iii) to investigate PFAS environmental fate in the water column through
the calculation of Log Kp and Log Koc partitioning coefficients and modeling of the former by
combining salting-out and particle-concentration effects. To this end, a large number of water
samples (dissolved phase and SPM) (n = 84) and sediment samples (n = 34) were collected
at large spatial scale in this estuary. The robustness of the empirical models generated for Kp
was finally examined by validation with an independent data set. The results from the present
survey convey important implications for future modeling of the in situ fate and transport of
PFASs at the continent-sea interface.

Experimental

Chemicals

A full list of chemicals and solvents is enclosed in the Supporting Information (Sl). Certified
PFAS native compounds (n = 27) and isotope-labeled internal standards (ISs) (n = 14) were
all acquired from Wellington Laboratories (BCP Instruments, Irigny, France) (chemical purity
> 98% and isotopic purity > 94%). The native PFASs purchased included perfluoroalkyl
carboxylates (PFCAs: PFBA, PFPeA, PFHxA, PFHpA, PFOA, PFNA, PFDA, PFUNDA,
PFDoDA, PFTrDA, PFTeDA), perfluoroalkyl sulfonates (PFSAs: PFBS, PFHxS, PFHpS,
PFOS and PFDS), perfluorooctane sulfonamide (FOSA) and its N-alkylated derivatives
(MeFOSA and EtFOSA), perfluorooctane sulfonamide acetic acids (MeFOSAA and
EtFOSAA), polyfluoroalkyl sulfonates (FTSAs: 4:2 FTSA, 6:2 FTSA, and 8:2 FTSA), and
polyfluoroalkyl phosphate diesters (diPAPs: 6:2 diPAP and 8:2 diPAP). In the case of PFOS
branched isomers (Br-PFOS), the concentrations were calculated from the calibration curve
used for L-PFOS. *° Note that, in this paper, the total of linear (L-PFOS) and branched (Br-
PFOS) isomers is referred as “PFOS”. BC,-PFHXA, ¥C4s-PFOA, ¥C,-PFDA, ¥C,-PFUNDA,
13C,-PFDODA, 3C,-PFTeDA, ¥0,-PFHXS, ¥C4-PFOS, D3-N-MeFOSAA, ¥Cg-FOSA, Ds-N-
MeFOSA, Ds-N-EtFOSA, 3C,-6:2 FTSA and '3C4-6:2 diPAP were used as ISs. Analyte
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name, acronym, structure and corresponding IS are provided in the Sl (Tables S1 and S7-
S8).

Study Site and Sampling Strategy

The Gironde estuary originates at the junction of the Garonne and Dordogne rivers at Bec
d’Ambeés (~ 1.6 km wide), widens gradually in a northwestward direction (> 10 km wide just
before the mouth), and opens into the ocean near Le Verdon (S| Fig.S1). Flowing over
nearly 80 km and covering approximately 625 km2 at high tide, the Gironde estuary is often
described as the largest in Western Europe. The hydrology and geochemistry of the Gironde
have been well-documented in earlier studies.***” The Gironde is a macrotidal estuary (tidal
amplitude: 1.5-5 m at the mouth), with a MTZ (SPM > 1 g L?) typically stretching over
several tens of km. Its estimated mean annual flow rate is 760 m® s and the residence time
of water typically ranges between 1-3 months. Low- and moderate-flow periods prevail for a
large part of the year and correspond to the MTZ being typically located in the central area of
the estuary. The large spatial extent of the SPM and salinity gradient would make these
conditions ideal to observe contrasted conditions within this estuary. The export of particulate
material into the adjacent continental shelf occurs rather discontinuously, as a result of
exceptional flood events. Hence, suspended particles remain typically between 1-2 years
within the MTZ.“8 Historical metallic contamination has been established in a series of
studies, especially cadmium.*® To date, the occurrence of POPs in the Gironde estuary has

only been documented in a few surveys.5%5?

The HALOGIR sampling campaign took place in September 2014 (3"-7") aboard the Cotes
de la Manche research vessel. In order to account for potential transversal variations, the
sampling strategy consisted of a series of orthogonal transects following a general South-to-
North salinity gradient, totaling 18 sampling locations from transects T#1 to T#7 (S| Fig.S2)
(see also Sl Table S2). A fine sediment deposition area (T#8), the West Gironde mud patch,
located approximately 50 km West to the mouth of the estuary,>? was also included in our
survey to perform preliminary assessment of the PFAS transfer from the Gironde estuary to
the Bay of Biscay continental shelf. At each sampling location, subsurface (1 m below
surface) and bottom water (1 m above surficial sediments) samples were collected with a
Niskin bottle. Sample temperature, pH and salinity were measured immediately, prior to on-
board filtration through GF/F (0.7 pm) filters using Nalgene® polyethylene filtration units. The
filtrate was divided into two aliquots stored in high density polyethylene (HDPE) bottles, kept
at -20°C until analysis; filters were stored at -20°C in aluminum trays until freeze-drying and

analysis. In the case of dissolved organic carbon (DOC) and particulate organic carbon
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(POC), the filtration of water was performed on glass filtration units, and samples were then
processed as described elsewhere.>** Composite subtidal sediment samples (n = 21) were
collected with a Shipeck sediment grab sampler. In parallel, 13 additional composite bed
sediment samples were collected at low tide across tidal mudflats, on both banks of the
estuary (S| Fig.S2) (see also Sl Table S2). Sediment characteristics were determined by the
Laboratoire d’Analyses des Sols d’Arras (INRA). Grain size, organic carbon and organic
nitrogen content were determined according to methods NF X 31-107, NF ISO 10694 and NF
ISO 13878, respectively. Black carbon and iron oxides were both determined using in-house

methods (see https://wwweé.lille.inra.fr/las/Methodes-d-analyse/Sols for further details).

PFAS analysis

Analytes were quantified using the isotopic dilution method, ISs being gravimetrically added
to the samples and procedural blanks at the beginning of the extraction procedure. Full
details on extraction and purification procedures are described elsewhere.®® Briefly, water
samples (0.5-1 L) were concentrated using solid phase extraction on Strata X-AW
cartridges; freeze-dried sediment (1-2 g) and SPM (0.055-2.5 g) samples underwent a
microwave extraction with 10 mL of MeOH (10 min, 70°C) prior to ENVI-Carb graphite clean-
up. Extracts were concentrated to 300 yL (N2, 42°C), transferred to polypropylene injection
vials, and stored at -20°C until analysis.

Procedural blanks consisted of 500 mL of Vittel spring water and of 10 mL of MeOH for solid
samples. When analytes were found in procedural blanks (SI Table S3), data were blank-
corrected and the limit of detection (LOD) was determined as the standard deviation (SD) of
the blanks multiplied by the tn.1.95 Student coefficient.*° Otherwise, LODs were determined
from the signal-to-noise ratio in low contaminated samples or in spiked matrices. LODs were
in the range 0.0002-0.5 ng L, 0.002-0.2 ng g* dw and 0.001-0.03 ng g dw for water, SPM
and sediment samples, respectively (SI Table S4). Recovery was controlled through the
analysis of fortified Vittel spring water (n = 4) and Fontainebleau sand samples (surrogate for
solid samples) (n = 4), spiked at 1 ng L or 1 ng g* dry weight (dw) with target analytes,
respectively, and were generally in the range 50-90% (S| Table S5). Accuracy was also
evaluated, and averaged 104+15% in water and 96+4% in solid samples for the compounds
considered (Sl Table S6).

PFAS chemical analyses were performed with an Agilent 1290 LC system interfaced with an

Agilent 6490 triple quadrupole mass spectrometer (Agilent Technologies, Massy, France).



Chromatographic conditions are described elsewhere,*® and mass spectrometry acquisition

parameters are provided in the Sl (Tables S7-S8).

Statistics

Statistical significance was set as p < 0.05. Statistical tests and hierarchical clustering were
performed with the R statistical software (R version 2.15.3, R Core Team, 2013). In view of
the presence of non-detects (data < LOD), functions from the “NADA” R-package were used
to perform correlation and regression analyses.® Note that compounds displaying more than
80% censored observations were not included in these analyses, since tenuous statistics

may be obtained above this threshold.*®

Results and Discussion

Water Quality Parameters and Hydrology

The evolution of water physicochemical parameters is shown in the S| (Fig.S3). Salinity
increased from 2.1-2.3 %o, at Bec dAmbes (T#1) to 24.1-27.9 %o near the mouth (T#7).
Suspended solids exhibited wide variations (14—2,600 mg L), the highest loads being found
in the T#3-T#5 area where the SPM concentration averaged 320 mg L in subsurface water
and 1,450 mg L*? near the bottom. Samples from transect T#8 exhibited the general
characteristics of marine environments (salinity: 32.9 + 0.4 %o; SPM load < 40 mg L*). POC
and suspended solid loads were strongly linearly correlated (R2 > 0.998), indicating that the
organic carbon fraction (foc) was relatively constant over the salinity gradient (Sl Fig.S4).
DOC remained steadily at around 1.50 + 0.11 mg L in the oligohaline to mesohaline area
(T#1-T#5), decreased slightly to 1.20 + 0.14 mg L* in the polyhaline zone (T#6-T#7), and
was below 1 mg L* offshore (T#8). Over the sampling time, water flow rate, estimated as the
combined discharges of the Garonne river at Tonneins and the Dordogne river at Pessac-
sur-Dordogne (data retrieved from <hydro.eaufrance.fr>), remained in the narrow range 280—

289 m® s, conditions typical of summer low-flow periods.

Spatial Variations of PFAS Levels and Profiles

Full details on detection frequencies and concentration ranges of individual PFASs in

sediment, dissolved phase and SPM samples are provided in Table S9 of the SI.



The highest PFAS level in sediment was that of PFOS (detection frequency = 100%; mean =
0.43 ng g* dw; median = 0.47 ng g* dw), accounting for 30+5% on average of ZPFASs. Of
these, an estimated 93% were attributed to the sole linear isomer, in excellent agreement
with observations at French nationwide scale (88%).3° PFOA, PFNA and PFDA were also
frequently detected (88-100%), and represented 11, 7.5, and 12% of 2PFASs on average,
respectively. In contrast, PFASs of emerging concern such as FTSAs or diPAPs were only
sporadically reported in these sediments (detection frequencies < 21%). The spatial
distribution of 2PFASs in sediment samples is illustrated in Fig.la, while the spatial
distribution of ZPFASs in sediment samples corrected for sediment organic carbon is shown
in the Sl (Fig.S5). ZPFASs in subtidal sediments was highly variable (range: 0.11-2.2 ng g*
dw; mean = 1.0 + 0.7 ng g** dw), while sediments from intertidal mudflats exhibited relatively
high PFAS levels on both left and right banks (XPFASs range: 1.2-3.3 ng g dw; mean
2PFASs = 2.3 + 0.7 ng g dw). This was further confirmed by performing an independent t-
test, the p-value of 0.002 (<0.05) indicating a significant difference between the means of the

two groups.

Hierarchical clustering on PFAS profiles in sediments (Ward’s method, break in set at 4
clusters), resulted in clusters of size 12, 5, 9 and 8 (Fig.1b). Cluster #01 grouped sites with
high relative abundances of C.—Cs, C—Cs and Cs—C11 PFCAs (each group representing ~
20% of 2PFASs) and essentially comprised intertidal sediments and upstream subtidal
sediments. Cluster #02 grouped subtidal sediments from the seaward end (T#7) and offshore
mudpatchs (T#8) that maintained a high relative abundance of PFCAs (> 60% of ¥PFASSs)
but differed from cluster #01 by the higher proportion of some long-chain PFCAs (Cs—Ci3)
compared to shorter-chain homologues. This suggests a sharp decrease of short-chain
PFCA relative abundances in sediments when approaching the marine area, while those of
Co—Ci13 PFCAs remain comparatively high as a result of salting out, a phenomenon which
tends to be more pronounced with increasing perfluoroalkyl chain length under controlled
conditions.®® A comparable upstream/downstream fractionation was observed for intertidal
sediments, the C,—Cs to Co—C13 ratio dropping > 5-fold between Bayon-sur-Gironde (farther
upstream right-bank site) and Talmont-sur-Gironde (farther downstream right-bank site),
which seems to corroborate this hypothesis (S| Fig.S6). A similar short-chain versus long-
chain comparison could not be performed for the perfluoroalkl sulfonates, since only long-
chain PFSA congeners (i.e. 2 Cs) were detected in the sediment. Additionally, the PFOS
relative abundance exhibited little variations across the sediment sampling sites examined
(Fig.1b). As regards the contribution of certain PFAA precursors, such as FOSA (for PFOS),
or diPAPs and FTSAs (for PFCAS), it should be noted that the Pre-PFAAs targeted in the

present survey displayed overall low contributions to the Y PFASs (e.g. median contribution
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of YPre-PFAAs in the sediment = 3.1% ) PFASs). Despite this fact, it cannot be ruled out
that the transformation of precursors —occurring either via microbially-mediated reactions or
abiotic processes, including hydrolysis or photolysis—>"° could partly explain the
modifications to the PFCA molecular profiles along the estuary. Clusters #03 and #04 were
characterized by higher abundances of PFOS and/or PFAA precursors, and mostly
represented subtidal sediments from transects T#3 through T#6, all located in the MTZ.

The concentrations of PFASs in the dissolved phase and SPM of subsurface and bottom
water samples along the salinity gradient are shown in Fig.2, showing a sharp decrease of
2PFAS in the dissolved phase in the lower estuary (T#5-T#7), while the intra-estuarine
(T#1-T#7) fluctuations of 2PFAS in the SPM did not show such a gradient. In the water
column (dissolved phase + SPM), Z..PFASs ranged between 0.26-9.3 ng L and 0.11-14
ng L for subsurface and bottom water samples, respectively (no significant difference,
Wilcoxon signed-rank test). A general downstream/upstream gradient was observed for intra-
estuary sites, Zw.0PFASs decreasing linearly with increasing salinity as a result of dilution (Sl
Fig.S7). Negative linear trends (R? = 0.64-0.92) were also observed between individual
compounds in the water column and salinity (data not shown). On average, PFOS was the
predominant compound in the water column (33+5% and 34+8% of ZPFASs for subsurface

and bottom water samples, respectively).

In the dissolved phase, ZPFASs ranged between 0.077-8.3 ng L?, with individual analytes
generally found in the sub ng L? range (see also S| Table S9). Abundance profiles in the
dissolved phase remained essentially the same along the salinity gradient (Fig.2). Br-PFOS
was the prevalent compound on average in the dissolved phase, followed by PFHXS, PFHxA
and L-PFOS (166, 14+3, 1116 and 11+5% of ZPFASSs, respectively). Among emerging
PFASSs, 6:2 FTSA was the most frequently detected compound but its median contribution to
> PFASs was 0.6% only.

In the SPM, ZPFASs ranged between 3.3-10 ng g dw and 2.8-6.1 ng g dw for subsurface
and bottom water samples, respectively (Fig.2). PFAS levels in SPM of bottom water
samples exceeded those in corresponding bed sediment samples by a median ratio (SPM /
bed sediment) of 1.6-2.9 for PFCAs and 4.9-6.7 for PFHxS and PFOS. Likewise, median
PFAS concentration ratios between the SPM of surface and bottom water samples were in
the narrow range 1.1-1.6 and 1.6-2.1 for PFCAs and PFSAs, respectively. These
contrasting PFAS levels in the SPM are likely a consequence of the segregation of fine and

coarse particles along the vertical profile, leading to differences in SPM specific surface

11



area.®®* PFOS was systematically detected in suspended solid samples and accounted for
60+£12% of ZPFASs on average (L-PFOS = 64+6% of total PFOS). Equally noteworthy was
the occurrence of PFDA and PFOA in the SPM (detection frequency > 95%), albeit at lower

relative abundances (~ 9% of 2PFASs each).

Spatial and Physico-chemical Factors Underlying Sediment PFAS Levels

PFAS analytes with censoring percentages > 80% were not considered in the present
section.® In addition to spatial considerations (e.g., distance from nearest major upstream
sources located in the Bordeaux conurbation), PFAS sediment levels may be influenced by a
variety of sediment-specific characteristics. A strong collinearity was observed between the
fine fraction content (mass percent fraction of the < 20 um fraction over the < 2 mm fraction)
(grain size) and other sediment ancillary data including organic carbon fraction (foc), organic
nitrogen content (NO) or iron oxides (FeOx) (R2 = 0.92—0.98) (Sl Table S10). In contrast,
relationships between black carbon content (carbon soot) and sediment grain size or foc
were much weaker (R? < 0.50). Therefore, the only sediment quality parameters retained in
the preliminary correlation analysis were foc and carbon soot. Significant correlations
between PFAS levels in sediments and foc were observed for 13/14 of the considered
compounds with relatively high correlation coefficients (Kendall’s 1 > 0.50), except for Cs—C»
PFCAs (Kendall's T = 0.29-0.44) (S| Table S11). The highest significance was observed for
PFUnDA and L-PFOS (Kendall's 1 = 0.65-0.71), the slope of the cenken regression
amounting to 1.2 and 4.2, respectively, of the same magnitude than previous observations at
French nationwide scale.® Significant correlations were also observed for 14/14 of the
considered compounds when examining PFAS levels in sediments and carbon soot, albeit
with lower Kendall’'s 1 correlation coefficients (0.35-0.45 for most compounds) (S| Table
S12). Overall, these results provide further evidence that under estuarine conditions PFASs
are mainly associated with fine-grained sediment exhibiting higher organic carbon content
(as well as iron oxides in our case); black carbon content also appeared as a significant

factor, yet less predominant than foc.

The combined influence of foc (X1) and distance from upstream sources (Xz) (arbitrarily set at
zero for sampling site T#1) on PFAS levels in the sediment (Y) was assessed via multiple
regression with a specific statistical treatment for non-detects.®® The following model was
used: In (1 +Y) =a + B*Xy + y*Xz, via the cenreg function from the NADA R-package. With
the exception of EtFOSAA, the model was significant for all the compounds considered, with
high likelihood correlation coefficients (Loglik-R = 0.60-0.92) (SI Table S13). Significant

coefficients were near-systematically observed for X; and Xz, § and y having opposite signs
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as anticipated. The relative importance of 3 and y varied according to perfluoroalkyl chain
length, foc being a more important controlling factor than distance from upstream sources for
Cs—Ci13 PFCAs and L-PFOS, while these two factors were of nearly equal weight for Cs—C-
PFCAs, PFHxS and Br-PFOS (S| Table S13). This may be attributed to the intense

hydrosedimentary dynamics in this system.3347

Partitioning Behavior in the Water Column

Investigating the water-solid phase distribution of PFASs is of fundamental importance to
further predict their environmental fate; such modeling is not an easy task since PFAS
sorption may be driven by sorbent-, sorbate- and solution-specific parameters.?”% However,
methodological issues may arise that could bias a rigorous determination of partitioning
coefficients. In laboratory-based sorption/desorption experiments, for instance, the study of
very high agueous PFAS concentrations — albeit providing the possibility of readily analyzing
the dissolved phase concentration with no need for pre-concentration — may not be always
representative of environmental conditions.®® Additionally, the possibility of sorption of certain
analytes onto the container material itself has been previously reported and should not be
overlooked in the mass balance.?” Separating the dissolved and solid phases, for instance
through filtration, could entail other pitfalls. Contamination issues at the filtration stage may
produce artificially higher dissolved phase PFAS concentrations, which may be rectified by
pre-cleaning the membrane filters.5! In the present study, filtration blanks were performed on
board in parallel to real sample filtration, showing no particular contamination for either media
(i.e. dissolved phase and filters) with respect to corresponding laboratory procedural blanks.
A further caveat relates to the possible retention of dissolved phase PFASs into the filtration
membrane, which may lead to overestimating the Kp. The impact of filter nature on this
filtration artifact has been previously examined for a suite of anionic PFASs, showing that
glass, rather than nylon, would better preserve the integrity of dissolved phase
concentrations.®*%2 Chandramouli et al.’> cautioned, however, that significant filtration
artifacts could still be obtained with glass filters for particular analytes, including diPAPs.
Another important aspect to consider in our particular case is the differential salinity content
between water samples, and the possible influence of the latter on the so-called filtration
artifact. A matrix-specific test was performed using pre-filtered river water samples spiked
with PFASs (50 ng L each), adjusted at 10 and 35 %, salinity with sea salt, and passed
through glass fiber filters. Regardless of salinity, sorption was negligible (<10%) for most
analytes, moderate (10-35%) for a series of long-chain PFASs (e.g. C11-C14 PFAAS, N-alkyl
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FOSAAs, FOSA, MeFOSA and EtFOSA) and severe for diPAPs (> 65%). In view of the
aforementioned findings, diPAPs were not considered in the partitioning study.

Suspended sediment-water partitioning coefficients (Kp) were calculated as the ratio of the
concentration in the SPM (ng kg™) to that in the dissolved phase (ng L), provided that the
compound could be determined in both compartments for a particular sample (“matching
pairs” method). The suspended sediment-water partitioning coefficient normalized to carbon
content (Koc) was derived from the following equation: Koc = Kp X 100 / foc, where foc is the
sediment organic carbon fraction. Average Log Kp and Log Koc were in the range 1.3-3.8
and 3.2-5.6 for the compounds considered, respectively (Table 1). The Log Ko of Cs—Cs
PFSAs was linearly correlated to perfluoroalkyl chain length (R?= 0.94; slope = 0.57 + 0.10).
As regards PFCAs, Log Kp and perfluoroalkyl chain length were also positively correlated
from PFHpA to PFUNDA (R?= 0.93; slope = 0.31 + 0.05), the regression line yielding a slope
in the same order of magnitude than values from Labadie and Chevreuil?! or Kwadijk et al.?®
Shorter-chain PFCAs (C4—Cg) differed from this trend, average Log Kp remaining in the same
range as that of PFHpA. This is consistent with previous observations that short-chain
PFCAs do not follow the typical chain-length dependency as regards sorption to soils or
sediments.?%%2 This may also indicate that, for short chain carboxylates, the sorption process
is dominated by electrostatic interactions between the carboxylic group and charged moieties
on sediment particles, rather than hydrophobic interactions.

The PFAS particle-related fraction (¢) was determined as the ratio of the concentration in the
SPM (ng L%) to the total PFAS concentration in the water (dissolved + SPM, ng L?). On
average, @ was in the range 18-80% and 1.3-43% for C,—Ci11 PFCAs and Cs,—Cg PFSAS,
respectively (Table 1). The spatial evolution of ¢ along transects T#1 through T#8 is
illustrated in Fig.3. ¢ increased concomitantly with the suspended solid load, following a

peak-shape curve with maximum values within the estuarine MTZ.

Particle-concentration effect and salting-out influence on PFAS partitioning

The influence of environmental parameters on the suspended solid-water partitioning
coefficient (Kp) was investigated. Note that water samples from the intra-estuary zone only
(i.e. transects T#1 through T#7) were considered to this end. Kp was negatively correlated
with SPM; the decrease in Kp was especially sharp when suspended solids varied in the
range < 0.02 — 0.5 g L%, and remained constant for higher SPM loads (>1 g L), akin to
observations under controlled conditions by Ahrens et al.®* who reported little variation in Log

Ko coefficients for SPM loads between 1 and 100 g Lt. Bowman et al.®® previously reported a
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so-called “third-phase effect” for estrogens under estuarine conditions, the enhanced
apparent dissolved concentrations at high SPM concentrations being due to the increased
presence of colloids. Although the dataset gathered in the present study would not allow to
evaluate this hypothesis, the PFAS-colloid interaction is presumably much weaker than for
other contaminants such as polycyclic aromatic hydrocarbons or polychlorobiphenyls that are
less water soluble. In addition, the PFAS-DOC association is unlikely the driving factor for the
relationship observed between Kp and SPM, at least for two reasons: i) the samples
collected within the estuary displayed a rather limited range of DOC values (1.3 + 0.2 mg/L);
and ii) the DOC levels required to deviate substantially true Kp from apparent Kp were
previously shown for selected PFASSs to be at least two orders of magnitude higher than the
DOC values reported in the present study.?” There is, however, another possibility to explain
the decrease in Kp with increasing SPM load. When suspended sediment concentrations
increase, flocculation (aggregation of SPM particles) may be enhanced to such an extent that
a sharp decrease of SPM specific surface area —and available OM, for that matter— can
ensue, independently of salinity.%%5” This phenomenon is known to occur in the Gironde
estuary (Gibbs et al. 1989) as well as in other estuarine and riverine hydrosystems,®% and
may be the underlying mechanism to explain our observations. A power function fitting was
used to describe the decrease of Kp with increasing suspended solid concentration in water
(Ko = aSPM™®) (where a and b are numerical constants > 0), following empirical models
previously established for other organic contaminants.®® An illustration is provided in Fig.4
and full details are given in the Sl (Table S14).

In addition to the particle-concentration effect, salinity has also been reported as an
influential controlling factor of organic compound sorption to sediments, including PFASs.?*-
26,70 The increase in salinity has been reported to produce “salting-out” effects (decrease in
aqueous solubility with increasing ionic strength.®83° Increasing salinity is also expected to
reduce the electrostatic repulsion between anionic PFAS and negatively charged surfaces
(iron oxides, natural organic matter) via bridging with divalent cations present in sea water
(Mg?#, Ca?*).”* Kp was related to salinity (S, mass basis) through a “salting out” constant
(0ads, L gt using the following model: Kp = K° x exp(2.303 0ads* S), with Kp the relative
solubility in saline water and K°p that extrapolated in freshwater (Fig.4). The conversion to a
salting constant on a molar basis (3, L mol™) can be completed as per Turner and Rawling.®®
® was in the range 1.79-2.61 for the compounds considered (Table 1), in line with field-
derived values by Hong et al. 2° in the Youngsan and Nakdong river estuaries (South Korea)
(SPM = 8.1-130 mg L; salinity = 0.12—29 %o; & = 1.34-2.57 L mol?). Overall, the K°p values
reported in the present study are also in good agreement with average freshwater-sediment

Ko coefficients determined for 133 rivers and lakes at nationwide scale in France.*
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In an attempt to combine both the particle-concentration effect and the salinity dependence,
the following model was used: Kp = aSPM™ x exp(2.303 0ass* X S), wherein the particle-
concentration effect (magnitude of b) is assumed to be independent of salinity.*® This
expression can be readily transformed to Ln Kp = ko + ki X1 + k2 X2, where X; = Ln (SPM) and
X2 =S. A multiple linear regression model was fitted to the dataset to derive therefrom a =
exp(ko), b = - k1, and 0gads = k2/2.303, and the model proved significant for 8 compounds (see
Sl Table S15 for details). The model was then validated using a previously acquired dataset
(2012-2013) during a temporal follow-up of PFASs at Pauillac, a sampling station located in
the oligohaline zone of the Gironde estuary.?® Predicted Log Kp values yielded by the model
from the HALOGIR 2014 survey were in overall good agreement with field data from the
2012-2013 survey (SPM range: 132-1916 mg L*; salinity range: 0-11.6 %o) (S| Fig.S8).

Significance

The spatial distribution and partitioning behavior of PFASs were investigated along a
salinity/turbidity gradient in a macrotidal estuary. PFASs were found ubiquitously in this
hydrosystem, albeit at relatively low levels since Y PFASs remained in the range 0.1-14 ng L
Yin the water column and 0.1-3.3 ng g* dw in the sediment. Short-chain PFCAs and PFSAs
were dominant in the dissolved phase, while L-PFOS generally prevailed in sediments, in
overall excellent agreement with PFAS patterns usually observed in hydrosystems.*® Besides
the intrinsic hydrophilic properties of C,—Cs PFCAs, the relatively high abundance of these
compounds in the dissolved phase could be attributed to recent shifts in PFAS production
toward shorter-chain congeners due to the gradual phase-out of Cg-based PFAS
chemistries.”? In addition, C,~Cs PFCAs could also result from the degradation of precursors

not monitored in the present survey.®-10 5859

Sediment organic carbon fraction (highly correlated to grain-size and other sediment quality
parameters) appeared as the primary controlling factor of PFAS levels in the sediment, while
the distance from upstream sources seemed less critical. On average, £PFASs in the SPM
was ~ 10 times greater than that of bed sediments. Thus, given the relatively high suspended
solid loads in the MTZ (up to 2600 mg L) and spatial extent of the latter (> 10 km), ingestion
of suspended sediment could be a key PFAS exposure pathway for both benthic (sediment-

dwelling) and pelagic biota in highly turbid estuaries.

Water-suspended sediment partitioning of PFASs appeared tightly influenced by suspended
solid loads and salinity. Hence, seasonal variations in the MTZ position are expected to exert

a strong influence on PFAS retention, sequestration being likely enhanced when the MTZ is
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located near the seaward end of the estuary due to salting-out.®” Building upon mechanistic
knowledge regarding the fate of other organic contaminants in estuaries,* models of Kp were
derived, integrating both particle-concentration and salinity effects. These empirical models
were further validated using an independent dataset collected under contrasted geochemical
conditions within the same estuary. Since input data are usually readily available or
simulated for salinity or SPM, this model would thus appear useful to implement numerical
modeling of PFAS environmental fate in transitional waters,”*~’® involving models that

incorporate both PFAS partitioning and 3D-hydrosedimentary dynamics.’”
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Tables and Figures

Table 1. Partitioning behavior in the water column: water-suspended particle partitioning coefficients
Log Kp and Log Koc (mean = SD) (nmp: number of matching pairs used in the calculation of the latter),
particle-associated fraction (®, %) (mean + SD and min—-max), and estimates of freshwater partitioning
(K°p) and adsorption salting constants (& and associated standard error (SE)).

Log Kb Log Koc Nmp (;Z) (LKng_l) Log K°p 6(|ESnI1E(()|§1;)
PFBA 25+03 43x03 3 236 17-30 NC* = NC
PFPeA 24+01 42+02 18 18+9 4-33 NS** - NS
PFHxA 24+01 42+02 11 247 14-34 NS = NS
PFHpA 26+02 45+03 21 21+11 6-44 296 25 1.89 (0.67)
PFOA 31+04 50+05 38 21+13 4-53 430 2.6 2.61 (0.60)
PENA 35+05 54+05 27 41+20 14-82 1737 3.2 1.79 (0.47)
PFDA 37+01 55+01 7 80x14 57-95 NC = NC
PFUNDA*** 3.8+0.1 56+0.1 12 74+17 45-93 NS - NS
PFBS 13+£02 32+x03 5 1+1 0.4-3 NC = NC
PFHxS 22+03 41+03 34 54 0.9-17 85 1.9 1.86 (0.26)
PFHpS 26+03 45+04 16 21+11 4-43 308 25 2.21 (0.43)
Br-PFOS 33+04 52+05 42 26+15 9-58 945 3.0 1.82 (0.27)
L-PFOS 3.7+04 56+05 40 43+20 1582 2169 3.8 1.84 (0.22)
FOSA*** 34+03 53+03 8 53+23 20-88 NS - NS
6:2 FTSA 30+£05 49+05 6 37x8 23-45 NC = NC

*NC: not calculated (number of matching pairs < 20%). **NS: not significant (p > 0.05). **Analytes for which the filtration artifact was >10%,
implying a 0.1-0.2 log units overestimation of log Kp.
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Figure 1. Spatial distribution of PFASs in sediments: cartographical mapping of PFAS sediment levels, color-coded according to ZPFASs (1.a), and PFAS
abundance profiles in sediment samples, arranged through hierarchical clustering (Ward’s method) (1.b).
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Figure 2. Concentrations and distribution of PFASs in the water column along the salinity gradient (arranged per increasing salinity). Salinity increases from

site #1 (Bec d’Ambés) to sites #8 (offshore) (see also the Sl for the location of sampling sites).
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Figure 3. Evolution of the PFAS particle-associated fraction (¢, %) (Cspm / Cwater coumn) along transect
zones T#1 through T#8 in subsurface and bottom water samples, illustrated for PFOA, PFHxS, and L-
PFOS (see the Sl for location of sampling sites). Note the different scales for the y-axis.
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Figure 4. Influence of water quality parameters on the water-SPM partitioning coefficient (Kp) (L kg?)
illustrated for selected PFASs. Relationship (R2) between the suspended solid concentration in water
(SPM, mg L) and Kp (left), and between salinity (%o) and Kp (right). Kp values are identified according
to the position in the water column: subsurface (yellow) or bottom (blue) samples.
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